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the sea or before water reclamation. These facilities are often located in active aquifers that supply drinking
water. Thus, leakage from the water recharge facility and gradual expansion of the underground wastewater
plume are of considerable health concern. Hydrological modeling of water recharge systems are widely
used as operational and predictive tools. These models rely on distributed water head monitoring and at
least one chemical or physical tracer to model solutes’ transport. Refractory micropollutants have proven
useful in qualitative identiﬁcation of pollution leakages and for quantiﬁcation of pollution to a speciﬁc site
near water recharge facilities. However, their usefulness as tracers for hydrological modeling is still questionable. In this article, we describe a long term, 3-D hydraulic model of a large-scale wastewater efﬂuents
recharge system in which a combination of chloride and a refractory micropollutant, carbamazepine is used
to trace the solute transport. The combination of the two tracers provides the model with the beneﬁts of
the high speciﬁcity of the carbamazepine and the extensive historic data base that is available for chloride.
The model predicts westward expansion of the pollution plume, whereas a standing front is formed at the
east. These trends can be conﬁrmed by the time trace of the carbamazepine concentrations at speciﬁc locations. We show that the combination of two tracers accounts better (at least at some locations) for the evolution of the pollution plume than a model based on chloride or carbamazepine alone.

1. Introduction
1.1. Artificial Recharge of Treated Wastewater
The artiﬁcial recharge of treated wastewater into an aquifer is increasingly used for safe discharge of surplus
water efﬂuents. In arid countries, the water recharge provides an additional safety barrier before the reclamation for irrigation or recreation water uses or can be applied as a seasonal supplement for drying rivers
[Idelovitch and Michail, 1984; Bouwer, 2002; Dillon et al., 2010; Ayuso-Gabella et al., 2011; Maeng et al., 2011].
Prior to recharge, the wastewater is often treated, but some refractory micropollutants withstand the treatment processes and are retained in the efﬂuents [Cordy et al., 2004; Peck, 2006; Amy and Drewes, 2007; Gros
et al., 2007; Diaz-Cruz and Barcelo, 2008; Barber et al., 2009; Kasprzyk-Hordern et al., 2009a; Kosjek and Heath,
2011; Fatta-Kassinos et al., 2011; Maeng et al., 2011; Lapworth et al., 2012; Kaplan, 2013].
Since wastewater recharge is often conducted near or within active drinking water-supplying aquifers, there
is a need to prevent mixing between the recharged efﬂuents and the potable water body and to predict
the long-term effect of the recharged efﬂuents plume on the nearby pristine aquifer.
There are essentially two ways to predict trends in plume propagation in the aquifer: the ﬁrst way is based
on local monitoring of particular sites of interest, and the second way, which uses hydrological modeling as
its main tool, aims to understand the (global) hydrological behavior of the relevant aquifer, and thus reproduce and foresee the plume propagation.
1.2. Tracers for Local Monitoring
Much effort has been made in order to ﬁnd precise and accurate tracers to monitor leakage of wastewater
to potable ground water. Traditionally, inorganic ions and isotopes were used as tracers [Vengosh et al.,
1994, 1999; Vengosh and Pankratov, 1998; Hosono et al., 2011; Katz et al., 2011].
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More recently, several organic anthropogenic pollutants emerged as promising tracers [Standley et al., 2000;
Buerge et al., 2003; Glassmeyer et al., 2005; Matamoros et al., 2005; Kasprzyk-Hordern et al., 2009b; Scheurer
et al., 2009; Buerge et al., 2009, Fenech et al., 2012].
Micropollutants offer several advantages as efﬂuents tracers over inorganic pollutants due to their higher
speciﬁcity, i.e., the ratio between the concentration of the tracer in efﬂuents and in the background. This
ratio (or the ratio between the concentration in the pollution source and the minimum level of quantiﬁcation) is often called the dynamic range [Benotti and Brownawell, 2007]. For example, the dynamic range of
carbamazepine (CBZ) in our model area was demonstrated to be larger than 600, whereas for chloride (Cl2)
the dynamic range was about 3 [Gasser et al., 2010].
Organic micropollutant tracers also have some drawbacks: (a) there is always some uncertainty regarding
their conservative nature (i.e., their degradation rate), (b) their mobility may be somewhat retarded compared to inorganic anionic tracers, and (c) their analysis is associated with a higher degree of uncertainty.
Since their analysis is more expensive as compared with inorganic ions, their precision is also usually lower
due to the smaller number of available observations. Continuous monitoring which is easy for physical
attributes is out of the question altogether when it comes to organic micropollutants.
Among the different suggested tracers, the anticonvulsant drug CBZ stands out, since it is both abundant,
and it withstands wastewater treatment without signiﬁcant degradation [Clara et al., 2004; Massmann et al.,
2006; Huerta-Fontela et al., 2011].
In order to thoroughly understand the precision of different tracers, Gasser et al. [2010] calculated the uncertainty level associated with quantiﬁcation of the mixing ratio of wastewater to potable water sources in the
vicinity of the Shafdan water recharge facility in Tel Aviv, Israel by using CBZ and chloride as efﬂuents tracers. The Shafdan is the water recharge site of the Tel Aviv region and the target of the current research. The
calculation of the mixing ratio assumed steady state conditions and involved averaging of the tracer concentration at the inﬁltrated efﬂuents, at the observation point and in the near vicinity which was not
affected by the recharged wastewater efﬂuents. They showed that when the wastewater consists of <30%
of the total water analyzed, the accuracy of CBZ is superior to chloride, in spite of the larger relative analytic
and sampling error of CBZ (40% compared to 9% for chloride), due to the larger dynamic range of CBZ.
Additionally, the individual micropollutant data were frequently used to model the source and fate of the
micropollutant itself [Vengosh et al., 1994; Wiegel et al., 2004; Bendz et al., 2005; Buerge et al., 2003; Ohlenbusch et al., 2000; Carballa et al., 2004; Gilboa et al., 2011].

1.3. Hydrologic Modeling of Managed Water Recharge Sites
The purposes for modeling water recharge systems can be divided into two groups: (a) quantiﬁcation of the
different water sources in the relevant system (i.e., recharge water versus pristine groundwater) in order to
assure sustainable water table levels, and (b) concerns about suspected pollution (or deteriorating water
quality) of the pristine groundwater caused by speciﬁc compounds in the recharge water.
The choice of calibration tracer is critical for transport models to trace pollution sources; thus improved
monitoring techniques and tracers have been used for model calibration: Tompson et al. [1999] used isotopes of hydrogen and oxygen as tracers to investigate the fate of recharged water and its effects on the
aquifer; Olofsson et al. [2006] used geophysical and geochemical tracers in order to label the different water
sources and investigate suspected pollution from a landﬁll site; and Anderson [2005] reviewed the advantages of using temperature as a tracer for model calibration. Recently, Engelhardt et al. [2013] introduced
the ﬁrst micropollutant calibrated 2-D hydrological model of bank ﬁltration and compared the sensitivity of
the model to acesulfame, hydraulic head data, and temperature measurements. The micropollutant tracer
acesulfame was found to be much inferior compared to the other data, including the nonconservative temperature tracer. We believe that this conclusion, however, is not general; the temperature tracer is a powerful tool for the inﬁltration zone (surface and groundwater mixing) or other sites with signiﬁcant
temperature gradients, but is less useful for a large-scale groundwater model, where the water mixing averages the temperature differences [Anderson, 2005]. Moreover, the low dynamic range (1.8 as measure, or 4.0
including reconstructed data) concentration of the acesulfame at the examined location is not representative for micropollutant tracers. As stated above (in section 1.2), the strength of the micropollutants as tracers
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lies in their low background concentration, which usually results in high dynamic ranges (for instance, CBZ
has a dynamic range of 600 at the Shafdan area, whereas the value for the chloride is 3).
For relatively small models, the tracer was introduced to the aquifer by the researcher himself [Wallis et al.,
2010; Vandenbohede et al., 2009], but this approach becomes impractical as the model area or total ﬂow
grow [Ma et al., 2012]. Therefore, frequently models were calibrated with the tracers, for which historic data
was available, i.e., chloride [Olofsson et al., 2006; Abbo and Gev, 2008], even though other tracers might give
more precise results.
This is the case at the Shafdan facility: chloride has been monitored for the last 70 years, and the comprehensive database needed for model calibration is at hand. However, as is discussed in Gasser et al. [2010],
the large chloride intrusion, (mainly from east and southeast) which caused a high and variable background
concentration, makes it inferior to CBZ for a precise localization of the pollution plume of the treated wastewater. The CBZ on the other hand, lacks the comprehensive historical database. Since the compound was
ﬁrst suggested for use as a tracer only in 2004 [Clara et al., 2004], CBZ was ﬁrst measured in the studied area
in 2007. In 2012, CBZ was accepted as a tracer (for leakage detection of treated domestic sewage) by
Mekorot Ltd., which marked the start of an extensive monitoring of CBZ concentration in the area. In order
to overcome, the absence of data and utilize the advantages of CBZ, we suggest combining chloride and
CBZ for calibration of our transport model. By this way, the extensive historical records and the high analytic
precision for chloride and the higher speciﬁcity of CBZ will be complementary.
The quantiﬁcation of the different water sources is important for managing the relevant aquifer and avoiding irreversible depletion of the groundwater level [Bruce et al., 2007; Vandenbohede el al., 2009; Polomčić
et al., 2013]. When one of the water sources involves possible pollution, the leakage quantiﬁcation provides
a major tool for water management. Frequently, the quantiﬁcation of the water sources is deduced from
particle tracing and water age calculations [Vandenbohede et al., 2008; Engelhardt et al., 2013]. We present a
more straight-forward tool for quantiﬁcation of the recharge water ratio at the aquifer, the ADT (Artiﬁcial
Dilution Tracer). This tracer has an inﬁltration concentration of 100 (arbitrary units), initial concentration of 0
at the whole model domain, and zero ﬂux at the model boundaries. Thus, the ADT concentration gives the
time-dependent ratio of recharged water at every location of the model domain. Since both chloride and
CBZ concentrations at the recharged efﬂuents ﬂuctuate with time, and since at least CBZ exhibits retarded
ﬂow compared to the water, the ATD has the advantage of tracing trace the true ﬂow movement of the
water and thus reﬂects more accurately the mixing ratio.

1.4. The Shafdan SAT System
The model addresses the water recharge system of the Dan Region Sewage Reclamation Project (commonly
known as the Shafdan). The Shafdan water recharge facility is located in the western part of the coastal
aquifer some 2–6 km from the shore line in the section between Rishon-Le-Zion and Ashdod (Figure 1). The
coastal aquifer supplies about 20% of Israel’s potable water. The Shafdan wastewater treatment plant collects and treats wastewater from the Tel Aviv Metropolitan Area. After conventional mechanical-biological
(including nitriﬁcation-denitriﬁcation) treatment, the wastewater is sent to a set of percolation ponds. The
water inﬁltrates through a 30–40 m unsaturated zone and then ﬂows in the saturated zone for 6–36
months, before being reclaimed by two rings of reclamation pumps and sent for unlimited irrigation in the
south of Israel.
The Shafdan SAT (Soil Aquifer Treatment) has been operated since 1977. At ﬁrst, only one basin at the Soreq
site (S-1) and gradually more percolation sites were constructed. Since 2006, six percolation basins are being
used (two basins at the Soreq site: S-1 and S-2; four basins at the Yavne site: Y-1 to Y-4), inﬁltrating a yearly
amount of 120 mm3 treated wastewater (Figure 1). The wastewater efﬂuents are introduced to the basins in
cycles of 4 days: 1 day for ﬂooding and 3 days for inﬁltration and drying.
The basins are surrounded by 130 recovery pumps and observation wells arranged in two concentric rings,
whose function is to reclaim treated water from the aquifer and prevent its spread to nearby fresh water
abstraction areas. The wells in the inner ring pump solely wastewater and the wells in the outer ring pump
both wastewater and potable water from the surrounding aquifer. A hydrological sink is thus achieved
around the basins and the ﬂow from the conﬁned inﬁltrated wastewater to the surrounding aquifer is minimized. Additionally, the high water load at the percolation basins (80–150 m/yr) [Goren et al., 2011] causes
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Figure 1. The model area with the inﬁltration basins (blue polygons) and the pumping wells. Closed circles denote the SAT recovery wells.
The triangles mark the locations of the three meteorological stations (one of them was relocated during the study period) and the bold
green lines mark the locations for the water in-ﬂow and out-ﬂow.

the hydraulic heads under the basins to depend mainly on the inﬁltrated efﬂuents and the main ﬂow direction is radial.

1.5. The Coastal Aquifer
The coastal aquifer of Israel is a phreatic aquifer located along the Mediterranean Sea coast. It varies in
width from 7 km in the north to 20 km in the south (where the Shafdan is located); its depth varies from
200 m near the coastline in the west to only few meters in the east. The aquifer is composed of a PliocenePleistocene predominately calcareous sandstone sequence, and intercalations of clay, silt, and loam of different origin. It overlies impermeable shales of the Saqiye group. The eastern part of the aquifer overlies the
Eocene (Shefela Group) aquitard [Issar, 1968]. The eastern part of the aquifer is mainly uniform and homogenous but toward the coastline the intercalations divide the aquifer into several horizontal subaquifers
[Ecker, 1999]. The general hydrological gradient is directed from east to west. The heads at the eastern border are about 50 m. A sharp gradient located 5–10 km west of the eastern border lowers the hydraulic
heads to about 5 m, and the western part of the aquifer’s head gradient is about 0.5&. The western part of
the aquifer was subjected to substantial over pumping during the 1960s and 1970s, and therefore, a
hydraulic sink was created from 5 to 10 km east of the seashore. This sink was gradually ﬁlled, partly due to
the activity of the Shafdan, and from the middle of the nineties the main ﬂow direction is from east to west
in the entire aquifer.
The coastal aquifer is surrounded by saltwater at the western, eastern, southern, and bottom boundaries
[Gvirtzman, 2002]. The sea, at the eastern boundary, is obviously a potential source of increasing chloride
concentration. However, as presented in Figure 2, the main chloride intrusion at the Shafdan area, originates from the eastern and southern boundaries and the seawater intrusion is negligible (Data to justify this
simpliﬁcation are presented in ‘‘Text01’’ of the supporting information for this article). The chloride intrusion
from east and south has been attributed to different sources: geochemical samplings have suggested the
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Figure 2. The location of the 150 mg/L contour of the chloride concentration for the years 1969 (pink-dotted curve), 1979 (red-dashed
line), 1989 (purple-dashed lines), and 2009 (ﬁlled lines). The inset ﬁgure shows the 250 mg/L contour at the years 1969 (dotted) and 2009
(ﬁlled).

source of saline water to be from an underlying aquifer. The intrusion of this water has been suggested to
occur at the eastern boundary of the coastal aquifer [Rosenthal et al., 1992; Vengosh and Rosenthal, 1994] or
through ‘‘holes’’ in the Saqiya aquitard at several locations [Vengosh and Ben Zvi, 1994; Vengosh et al., 1999].
Recently, it has been emphasized that irrigation water is a major source of salination of the coastal aquifer
[Kass et al., 2004; Kurzman and Scanlon, 2011].

2. Data Sources
2.1. Data Collection
At the study site, hydraulic heads and chloride concentrations are continuously monitored at about 700
wells by the Israeli Hydrology Survey (IHS). Between 300 and 500 monthly hydraulic heads were recorded
until 1990, and between 100 and 300 values from 1990 until today. The chloride concentration was sampled
monthly at 60–90 wells until 2001 and afterward at 20–60 wells. The sampling frequency for each speciﬁc
well differed according to location and importance.
CBZ was sampled at 56 different wells during 2007–2011, and the CBZ data from this period sum up to 200
data points. In 2012, Mekorot Ltd. joined the effort of sampling CBZ in the area, and the CBZ concentration
at 47 different wells was recorded during that year (Figure 3).
Data for the monthly amount of recharged efﬂuents for each percolation basin were received from the Shafdan operator together with the average monthly chloride concentration (Figure 4). The CBZ concentration
in the efﬂuent was sampled (by our group) 20 times during 2007–2011 (Figure 5).
Precipitation data were measured continuously at three meteorological stations (Figure 1) and interpolated
using the Natural Neighbor method to the model. The inﬁltrated rainwater was calculated using local inﬁltration factors (0.16–0.47) presented in the IHS yearly reports. In Figure 1, the different ‘‘inﬁltration factor’’
polygons are shown. For these polygons, the yearly irrigation excess amounts were also presented. Since
irrigation is used in the summer season only, the yearly amounts were recalculated and imported to the
model for the 5 months from May to September each year. The ﬂux over the boundaries is found as yearly
ﬁgures in IHS’s yearly reports since year 2000. Water is ﬂowing into the model from the east and from the
south and ﬂowing out through the northern boundary. The location of the ﬂow at each boundary was
assumed from the IHS hydraulic head maps (Figure 1).
The main outﬂow of water from the model is the pumping of about 600 pumps (private and municipal),
which are located at the model area (Figure 1). The monthly amount of water pumped at each well was
received from IHS.
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2.2. Analytical Methods
CBZ was analyzed by GC/MS (Gas
Chromatograph with Mass Spectrometer) according to the EPA method
8270.D and by LC/MS/MS (Liquid
Chromatograph with triple quadruple
Mass Spectrometer) according to the
EPA method 1694. For both methods,
CBZ was extracted from natural samples by Solid Phase Extraction (SPE)
using C18 Empore high-performance
extraction disks. For the GC/MS
method, aliquots of 1 mL of the ﬁnal
extracts were separated with an Agilent Gas Chromatograph 6890N (DB5MS column of 0.25 3 30 m, 1 m) with
MS detector 5973. The analyte was
quantiﬁed in full scan (44–450 m/z,
0.4 s/scan) or selected ion monitoring
(SIM) conditions using the ions 193
and 236, and 165 and 192 ions for
conﬁrmation. The Limit of Quantiﬁcation (LOQ) for GC/MS analysis was 100
ng/L. For the LC/MS/MS method, the
analysis was performed using an Agilent G6410A Triple Quadruple mass
spectrometer (QQQ) with an electrospray ionization source. The analyte
separation at this case was conducted
Figure 3. The wells used for transport model calibration and veriﬁcation. The purwith Agilent ZORBAX Eclipse Plus C18
ple wells were used for calibration (until 2011) and the green wells were used for
veriﬁcation (2012). As a result of the calibration, the domain was divided into two
(2.1 3 100 mm, 3.5 m). The two multi
areas (for the dispersivity values): the blue area is the so called ‘‘Soreq area’’ and
reaction monitoring (MRM) transitions
the yellow area is the ‘‘Yavne area’’. The percolation basins are colored red.
of mass 237–194 and mass 192–179
were used for CBZ determination. The
Limit of Quantiﬁcation (LOQ) for LC/MS/MS analysis was 0.1 ng/L. Quantiﬁcation of the analyte was done
with respect to carbamazepine-d10 (transitions of mass 247–204 and 202) purchased from the CDN Isotopes company.
The GC/MS method was used for samples with a CBZ concentration above 100
ng/L between 2007 and 2009. From the
year 2009, all CBZ samples were analyzed by the LC/MS/MS method due to
its higher accuracy.
Chloride was determined by DIONEX Ion
Chromatograph according to EPA
method 300.1.

3. The Numeric Model

Figure 4. The chloride concentration in the recharge efﬂuent during the study
period. The dotted line shows the average concentration (285 mg/L). Please
note that the y axis is scaled to the data.
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numeric saturated/unsaturated 3-D groundwater ﬂow and transport model [Diersch and
Koditz, 1998].

Figure 5. The CBZ concentration in the recharged efﬂuent, sampled
between 2007 and 2013. Please note that the y axis is scaled to the
data.

The eastern boundary of the model is the
hydraulic boundary of the Costal aquifer, and
the western boundary is the shore of the Mediterranean Sea (Figure 1). The northern and the
southern boundaries were chosen to be parallel
to the main ﬂow direction (from east to west), in
order to minimize ﬂow through these boundaries. The topography of the area (purchased
from Survey of Israel (http://www.mapi.gov.il/
aboutus/NewsAndUpdates/Documents/katalog.
pdf), (in Hebrew)] constitutes the upper boundary of the model, and top of the impermeable
Saqiye units constitutes the lower boundary
[Gvirtzman et al., 2008].

At the western part of the domain, intercalations
of clay, silt, and loam, which create nonpermeable or semipermeable layers, divide the aquifer into subaquifers [Ecker, 1999]. These layers and intercalations, provided the natural division of the domain in the vertical
dimension, i.e., the domain was divided (by 10 slices) into nine layers, of which four layers were partly (i.e.,
at the western part of the domain, up to 8 km east of the seashore) nonpermeable.
At the horizontal plain, the domain was discretized into 27,459 triangles (13,857 nodes), which together
with the nine horizontal layers, created 247,131 triangular prisms for the whole model domain (Figure 6).
The horizontal spacing varied from 10 to 20 m at the recharge area to 100 to 150 m at eastern part of the
domain. The FEFLOW package uses the ﬁnite-element approach for their numeric solver, which enables the
mesh density to vary. The ability to create a dense mesh at the vicinity of the percolation basins without
affecting the more distant part of the domain was of particular importance for modeling the transport of
the CBZ.

Figure 6. (a) The horizontal and (b) vertical discretization of the model domain. The vertical cross section is exaggerated 31 times at the vertical direction. At the cross section, the longitudinal hydraulic conductivity values are added, in order to show the intercalations and the different subaquifers. The denotation A–D is used in Ecker [1999] and adopted by the IHS.
The cross-section line is indicated at the map (the white line) and the water table is indicated at the cross section (the white line).
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Additional layers and increased mesh did not show signiﬁcant changes and the model was, therefore, considered to be independent of the mesh density.
The seawater/freshwater interface is located on the upper part of the domain (layer 1–5) at a distance of
0–1000 m east of the seashore (from http://www.water.gov.il/Hebrew/ProfessionalInfoAndData/Data-Hidrologeime/20111/agan-hof.pdf; see also supporting information Figure S1, in ‘‘Text01’’). This interface was
treated as a no-ﬂux boundary in order to simplify the model. Since the saltwater intrusion at the western
boundary does not inﬂuence the pollution plume at the vicinity of the percolation basins, this simpliﬁcation
is justiﬁed. Measured chloride concentrations, ﬂuxes, and additional data to support this justiﬁcation are
presented in the supporting information for this article (in ‘‘Text01’’).
The aquifer is a phreatic aquifer and the water table is permitted to move freely between the different
layers according to its water head and pressure.
3.2. The Flow Model
Since the ﬂow model included the unsaturated zone, the ﬂow was calculated using the Richards’ equation:







@
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(1)

where w is the pressure (or tension) head [L]; K is the hydraulic conductivity [L/T]; h is the moisture content
[-], and t is the time (T).
The hydraulic conductivity in the unsaturated zone is dependent on the water saturation degree and is calculated, using Van-Genuchten-Mualem’s equations:
hðwÞ5ðhs 2hr Þ½11ðajwjÞn 2m 1hr
KðwÞ5Ks
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where hs and hr are the saturated and residual moisture contents [-], respectively; Ks is the saturated hydraulic conductivity [L/T]; a [L21] and n [-] are shape factors, with m 5 1 2 1/n (Mualem’s condition).
hs, hr, a, and n were ﬁtted to the numeric data for Rechovot sand (nr. 4138 in Mualem [1976]), and were set
to 0.4, 0.005, 2.5 cm21, and 0.05, respectively. The porosity was set to 0.4 [Mualem, 1976; Kloppmann et al.,
2009] and the hydraulic conductivity was used as ﬁtting parameter for the calibration of the ﬂow model.
The boundary conditions were set as follows: the bottom of the domain was set as a no-ﬂow boundary. The
upper western boundary (the two top slices) represented the seashore and was thus set as a constant
head-boundary (H 5 0) and the lower western boundary was set a no-ﬂow boundary as described in
section 3.1. The water recharge at the top slice consisted of the recharged efﬂuents, the inﬁltrated precipitation and the irrigation excess (for details, see section 2.1.). Through the eastern and the southern boundary,
there is a time-varying in-ﬂow and at the northern boundary there is a time-varying out-ﬂow (Figure 1).
Since the water-ﬂux amounts at the boundaries and the irrigation excess amounts have been reported only
since 2000, the average irrigation and ﬂux amounts were calculated for the reported years. The average
amounts of irrigation excess were used as constant yearly values (recalculated to ﬁve equal monthly ﬂuxes
for May–September) for the whole simulation period. The yearly average amounts of in-ﬂow (through the
eastern and southern model boundaries) and out-ﬂow (through the northern model boundaries) were recalculated to 12 equal monthly ﬂuxes and used as initial values for the calibration of the ﬂow model.
The pumped water amounts, which presented the main out-ﬂow of water from the model were imported
to the model as received.
All data were imported to the model with a monthly time resolution. The solver used, however, much
smaller time steps: 10210210 days, where the initial step was 0.001 days. New time steps were not allowed
to exceed to previous ones by more than a factor of 1.5.

RONA ET AL.

C 2014. American Geophysical Union. All Rights Reserved.
V

8

Water Resources Research

10.1002/2013WR014759

For the calibration of the ﬂow model, the measured head wells were used to ﬁt the hydraulic conductivity.
Small changes were also made to the in-ﬂow and ﬂow of water through the domain boundaries.
3.3. The Numeric Transport Model
The transport for any single-specie solute is treated in FEFLOW using the convection-dispersion equation:


q
@ðpCÞ
r  ðpD  rC Þ2r  ðpmC Þ1qs Cs 5 11 b Kd
p
@t

(4)

where C is the aqueous concentration (M/L3); p is the porosity of the aquifer sediment (-); v is the pore water
velocity vector (L/T); D is the hydrodynamic dispersion coefﬁcient tensor and is calculated: D 5 av 1 Dm,
where a is the dispersivity tensor (L) and Dm is the molecular diffusion coefﬁcient (L2/T); qs is the volumetric
ﬂow rate per unit volume of aquifer representing ﬂuid sources or sinks (L/T); Cs is the concentration of the
source or sink ﬂux (M/L3); qb is the bulk density of the rock matrix (M/L3) and it is calculated: qb 5 qs (1 2 p),
where qs is the density of the solid [M/L3]; Kd is the distribution coefﬁcient (L3/M), and t is the time (T).
It is a common practice to exchange 1 1 (qb/p)Kd 5 R, where R is the retardation factor of the solute.
We assign the lateral and the transversal components of the dispersivity tensor with equal values.
Equation (4) is under the assumption that sorption is controlled by local equilibrium and solute transport is
under isothermal conditions and constant density.
Equation (4) is coupled to equation (1), through the Darcy velocity, q 5 hv, which can be stated:

qx;y 5K ðwÞ



@w
@w
; qz 5K ðwÞ
11
@x; y
@z

(5)

The transport model was run with chloride, CBZ, and ADT as measured (chloride and CBZ), and artiﬁcial tracers, respectively.
The molecular diffusion coefﬁcient (Dm) for chloride is 2.5 3 10210 m2/s [Siddique et al., 2013] and it can be
calculated to 1.1 3 10210 m2/s for CBZ using the relationship between molecular weight and the molecular
diffusion coefﬁcient [Hemenway et al., 2010] with the reported Dm value for acesulfame [Engelhardt et al.,
2013]. However, since the water velocity at the vicinity of the percolation basins is in the range of
102321021 m/d, the dispersivity is determined by its advective part and the molecular diffusion becomes
negligible. The dispersivity tensor (a) was calibrated, as described in section 4.3.
Due to its hydrophobicity, CBZ was expected to be strongly adsorbed to the soil. However, column experiments performed with soil from the Shafdan percolation basins and with recharge efﬂuent, showed a retardation factor of only 1.1 [Gilboa et al., 2011]. This low value was attributed to the low content of organic
matter in the soil. The retardation factor of chloride was set to 1.
CBZ entered the model with the efﬂuents only. Therefore, the initial CBZ concentration at the whole
domain was set to zero. Moreover, the CBZ concentration at all boundaries (except for at the percolation
basins), are zero. The CBZ concentration in the inﬁltrated efﬂuents was sampled 20 times during 2007–
2012 (Figure 5). Between 2007 and 2009, the average CBZ concentration was 1610 6 300 ng/L. At the
end of 2009, a sharp decrease in the CBZ concentration was observed and the average concentration of
the seven measurements between 2010 and 2012 was 1060 6 320 ng/L. We think that the decrease of
CBZ in the efﬂuents can be attributed to the release of a competing drug Ox-Carbamazepine [Franzoni
et al., 2009].
It seems logical to assume that the total consumption of CBZ (as with other similar drugs) rose during the
simulated years [Khetan and Collins, 2007]. Therefore, the CBZ concentration was set as 1000 ng/L at 1977,
rising linearly to 1600 ng/L at 1990 and thereafter remained constant until 2007. Between 2007 and 2012,
the sampled and interpolated CBZ concentrations were used.
The chloride concentration in the inﬁltrated efﬂuents was monitored monthly by the Shafdan operator during the whole simulation time, and the data were imported to the model (Figure 4).
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The chloride concentration in the excess irrigation water (that inﬁltrates from the bottom of the root zone
down to the aquifer) was estimated as follows: the chloride concentration in the irrigation water is about
200 mg/L. We assume at least 80% evaporation [Gvirtzman, 2002], which raises the chloride concentration
to 1000 mg/L. The chloride concentration in rainwater was set to 10 mg/L [Herut et al., 2000]. Chloride also
enters the model with the water ﬂux at the different boundaries: at the eastern boundary water from a
saline aquifer enters the domain, and the chloride concentration was set to 1200 mg/L at the south part of
the eastern boundary and to 1400 mg/L at the middle part [Abbo and Gev, 2008]; the water which enters
the domain from the south is expected to have a similar chloride concentration as the water at the boundary, which varies between 100 and 150 mg/L; and the chloride concentration at the western boundary (at
the two upper slides) was set to 20,000 mg/L. The initial chloride concentration was interpolated from well
data measured during 1975 and received from IHS (see section 2.1).
FEFLOW solves the ﬂow and transport model for one or several species (in which equation (4) is solved separately for each species) simultaneously. Therefore, the grid and the time step resolution for the transport
model are always equal to the ﬂow model.
3.4. The ADT Tracer
Three-dimensional mixing ratio maps, representing the fraction of water originating from the polluted
source at any given time and location is the most important product of the hydrological model from the
health surveillance point of view. In principle, when pseudosteady state conditions prevail, the tracer’s concentration allows straightforward calculation of the mixing ratio [Gasser et al., 2010]:

MR5

½X i 2½X b
½X ef 2½X b

(6)

where [X]i is the tracer’s concentration at the sampling location (M/L3), [X]b is the background concentration
of the tracer (M/L3), and [X]ef is the concentration of the tracer in the recharged efﬂuent (M/L3).
However, in practice, the concentration of the tracer in the background as well as in the efﬂuents (or other
pollution source for that matter) is subjected to low frequency ﬂuctuations or even to monotonic changes,
i.e., seasonal variations, changes in drugs consumption or diets etc., and then the mixing ratio expressed by
equation (6) is biased. The problem is even more severe when taking into account the retarded mobility of
most tracers compared to water. In fact, even the mobility of chloride can be different from water due to
size exclusion effects, which accelerate its movement compared to the water ﬂow [Gvirtzman et al., 1986;
Gvirtzman and Gorelick, 1991]. Indeed, in the Shafdan test case, carbamazepine concentration in the feed
has been decreasing slowly over the last three years (Figure 5) and it has a retardation factor of 1.1, whereas
chloride concentration in the efﬂuents is subject to considerable seasonal ﬂuctuations (Figure 4). The latter
is caused by changes in the source of tap water for Tel Aviv: during the winter water is pumped from the
aquifers, whereas in the summer more water is pumped from the more saline ([Cl2] 200–300 mg/L) lake
water source, the Sea of Galilee.
In this study, we used a more straightforward approach for calculation of the dynamic 3-D mixing ratio
maps. The ﬂow and transport model is calibrated as usual, with the most precise and accurate tracer(s) available. Thereafter, the calibrated parameters (i.e., the hydraulic conductivity, the dispersivity, etc.) are applied
to an independent ﬂow and transport model where ADT, which is determined as 100 at the source and 0 in
the remaining domain with a retardation factor of 1, labels the pollution source or the speciﬁc water body
(in this study: the recharged efﬂuent). The ADT ‘‘concentration’’ gives the calculated wastewater-pristine
water mixing ratio as a function of time and place.

4. Results
4.1. The Calibration and Evaluation Periods
The purpose of this study was to use the CBZ data, which start from 2007, for the calibration of the model.
These data do not, however, enable the reconstruction of the pollution plume as initial conditions for the
model at around 2007. Therefore, the model run from 1975 (2 years before starting the SAT) until the end
of 2012, while focusing on the time period of 2007–2012, where CBZ can be used for the (combined)
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Figure 7. Calculated and observed hydraulic heads between 1996 and 2011 at the observation wells, which were used for the calibration
of the ﬂow model. The locations of the wells (green dots) and the percolation basins (violet polygons) are shown at the map.

calibration. Therefore, the calibration period runs from 1975 until 2011, and the quantitative evaluation of
the model was done on basis of the observations for 2012 only. According to this division, 75% of the CBZ
observations are used for the calibration and 25% for the evaluation (see section 2.1). This division also
allowed the evaluation to be performed at different observation wells from the wells for the calibration
[Refsgaard and Henriksson, 2004].
4.2. Calibration of the Flow Model
The 3-D hydraulic conductivity distribution was calibrated, comparing the calculated hydraulic heads with
monthly measured hydraulic heads. Twenty-ﬁve chosen wells were used for the main calibration (Figure 7
and supporting information Figure S5), but the results were checked using all the monitoring wells at different times as well.
For the calibration, the error was calculated for each calibration well according to equation (7):
sﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃ
X ðhcalc 2hmeas Þ2
si 5
n

(7)

where s is the error at observation point i (L), hcalc is the simulated hydraulic head (L), hmeas is the measured
hydraulic head, and n is the number of measurements of the tracer at the observation point.
The average error for all the calibration wells was minimized during the calibration.
4.3. Calibration of the Transport Model
The transports of chloride and CBZ were ﬁrst simulated separately and an initial calibration was done for
each tracer. The concentration proﬁle for CBZ in the efﬂuents and the concentration of chloride in the inﬁltrated irrigation water were calibrated this way. Thereafter, the combined calibration of the dispersion took
place.
The combined calibration used equation (7), but divided the error with the averaged measured concentration of the tracer. The normalization of the error was necessary, since the different tracers do not have the
same concentration range.
The sum-of-errors functions for each tracer are summed to a single combined error function:

e5ki;M

si;M
½M meas:

(8)

where e is the total combined error function at the observation point i, s is the error for each tracer
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Figure 8. Combined calibration of the longitudinal dispersivity. (a–c) The three different combination ways at the Soreq area. (e–g) The calibration at the Yavne area. (d and h) The calibration curves for the uncombined tracer at Soreq and Yavne, respectively.

(equation (7)), ½M meas is the average concentration observed at the observation point i, and ki,M is the
weight coefﬁcient of each tracer at observation point i.
The key to a proper combination of the tracers is the calculation of k. In this paper, we present three principally different ways:
1. Arithmetic average: If there are measured concentrations for both tracers at observation point i, ki 5 0.5,
else ki 5 1 for the tracer with the measured concentration.
2. Error weighted combination:

ki;M 5

1
si;M
1
si;Cl

where si;M denotes the normalized error of the marker

(9)

1
1 si;CBZ



si;M
½M meas:


.

The smaller the error (si,M) for each marker, the bigger weight (ki,M) it has in the combined error function.
3. Concentration-weighted combination: for points where at least 30% of the water originated from the
Shafdan, kCl 5 1 and kCBZ 5 0. Where the Shafdan efﬂuents consisted of <30% of the water, kCBZ 5 1 and
kCl 5 0.
The dispersion parameters (longitudinal and transversal dispersivities) were calibrated separately for the
Soreq and the Yavne area (Figure 8). The dispersion parameters depend largely on the geological structure
which is not necessarily homogeneous over the whole area.
The tracer concentrations were measured and calculated at 54 different observation points presented in
Figure 3. The CBZ calibration curves for 13 of these wells are presented in the supporting information (Figures S6 and S7).
Calculating the mean error for all the observation points at each area gave too much weight to few extreme
values; therefore, the observation points with the highest and lowest error values were removed, and the
mean error value was calculated on basis of the remaining points (a so called trimmed mean [Rothenberg
et al., 1964]).
All three combination ways gave similar results (Figures 8a–8d) at the Soreq area, and the preferred longitudinal dispersivity was 100 m with anisotropy of 100 (i.e., transversal dispersivity of 1 m). At the Yavne area,
however, the calibration curves differed signiﬁcantly (Figures 8e–8h). The main reason for the different
behavior of the two tracers (Figure 8h) is chloride intrusion (see section 1.5). Therefore, the results of the
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CBZ tracer and the concentration-weighted
combination (Figure 8g) were considered to
be less biased and to give the most precise
results; the longitudinal dispersivity was set
to 50 m with anisotropy of 10.
In order to simulate the results of a ﬂow
and transport model calibrated with
chloride alone (Figure 8h, blue and black
curves), the longitudinal dispersivity for the
Yavne area was set to 250 m with anisotropy
of 10.

Figure 9. Calculated and observed CBZ concentrations at 47 wells during
2012. The locations of the wells are shown in Figure 3.

To sum up, the results of two sets of
dispersivity values (in m) will be
presented and discussed: (1) Soreq 100:1 and
Yavne 50:5, (2) Soreq 100:1 and Yavne
250:25.

4.4. Results of the Transport Model
The calibrated transport model was evaluated with data from 47 wells sampled during 2012 (section 3.1
and Figure 3). Since the saline water intrusion biased the results for the chloride tracer at the southern
part of the domain (section 1.5), we chose to use only the CBZ data for the evaluation (Figure 9).
Although a few data points have relative errors above 10%, most of the data points present relative errors
below 5%.
The location and expansion of the pollution plume will be denoted with the ADT contours (see section 3.4),
and spatial development will be presented in the east-west direction. Since the site of the percolation
basins was enlarged southward, creating a north-south line of basins (Figure 1 and section 1.2), the spreading of the pollution plume southward was a direct effect of the site development. Therefore, the development of the pollution plume as an effect of the hydrological management (i.e., the pumping), can only be
investigated in the east-west direction. The east-west dimension is also important for practical reasons:
drinking-water wells are located a few kilometers east of the Soreq basins (S-1 and S-2 in Figure 1) and
expansion of the pollution plume to these wells will prevent their use. In addition, the towns Rishon LeZiyon and Yavne are located to the east of the percolation basins (Figure 1) and the population is concerned about leakage from the SAT.
Figure 9 shows the expansion of the pollution plume westward at the Soreq area. However, in the eastern
direction, the pollution plume boundary remained nearly constant. This is also consistent with measured
CBZ concentrations at wells east of the Soreq basins (Table 1 and Figure 10).

Table 1. Measured CBZ Concentration at Different Wells East of the Soreq Basinsa
Date

CBZ (ng/L)

Date

Remez
08/16/2009
09/17/2009
11/5/2012
10/14/2009
10/26/2009
11/09/2009
02/21/2011
05/01/2012
11/05/2012
11/25/2012
a

RONA ET AL.

Rishon 5

CBZ (ng/L)

Date

Bulkin
0.38
0.20
0.60
19
55
103
72
116
62
69

08/16/2009
09/17/2009
11/5/2012

Silicate

08/16/2009
09/17/2009
09/22/2009
09/24/2009
11/5/2012
11/22/2012
11/25/2012

CBZ (ng/L)
Ein Hakoreh

0.20
0.80
0.60
8.6
4.1
4.4
6.0
7.1
6.0
9.0

08/16/2009
09/17/2009
11/5/2012
08/16/2009
09/17/2009
11/01/2009
11/03/2009
11/05/2012
11/22/2012
11/25/2012

Yavetz

1.05
0.7
0.5
24
7
13
19
20
25
36

The locations of the wells are shown in Figure 10.
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Figure 10. The location of the wells presented at Table 1 (frame a) and Table 2 (frame b). The percolation basins are shown as purple polygons. Also shown is the extension of the pollution plume at January 2012 (at slice 6).

The results for ADT should also be compared to the results with chloride at the same cross section (Figure
12). The use of equation (6), setting the chloride background to 99 mg/L and the efﬂuent concentration to
288 mg/L [Gasser et al., 2010] gives the chloride concentration of 117 mg/L as equivalent to the 10% ADT
contour. However, the location of the concentration is much closer to the core of the pollution plume than
the location of the 10 contour with ADT. This discrepancy arises because of the high background concentration for chloride and demonstrates the importance of the use of ADT for accurate pollution plume location,
even if chloride could have been used as a single tracer.
At the Yavne area (Figure 11), the pollution plume expands both eastward and westward. However, the
expansion eastward is minor, especially for the low dispersivity values, which were the result of the combined calibration. A few time series of measured CBZ concentrations support the simulated results: while
the CBZ concentration rose at Ben Zakai 3a (Table 2) which is located west of basin Yavne 2 (Figure 10), the
CBZ concentration at the wells on the eastern side of the basin (Yavne 211 and Yavne 6a) remained constant or even decreased (Table 2 and Figure 10).

5. Discussion
5.1. The Accuracy of the Model
For the discussion on possible uncertainty factors in this study, the suggested distinction of uncertainties to
aleatory and epistemic uncertainty factors will be adopted [Beven and Young, 2013].
The epistemic uncertainty factors of the model can be divided in three groups: (1) assumptions for the
model domain, (2) assumptions for the data inputs to the model, and (3) assumptions for the parameters,
which were not calibrated.
The boundaries of the model domain were described in section 3.1. The elevations of the top and bottom
slices and the location of the silt, clay, and loam intercalations at the western part of the domain were all
received from authorized sources and were frequently cited [see e.g., Zilberbrand et al., 2001; Abbo and Gev,
2008; Goren et al., 2011], and therefore, considered reliable. It should be realized, however, that the data are
interpolated from the wells in the area, and there is a considerable uncertainty of the exact extension and
location of the local intercalations. Moreover, Vengosh and Ben-Zvi [1994] and Vengosh et al. [1999] have
suggested the existence of ‘‘holes’’ in ‘‘the Saqyie’’ (the lower boundary of the domain), which permit ﬂow
to and from underlying aquifers. Since there is almost no direct access to the soil of the aquifer, only the
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Figure 11. The boundary of the 10% efﬂuent water contour (as modeled with ADT) at the end of 2002 (thick line) and at the end of 2012 (thin line). The location of the cross section is
shown at the map. The map also shows the pollution plume at the end of 2012.

results of the calibrated ﬂow and transport model can conﬁrm or question the geological information which
is incorporated in the model.
At this model domain, all the wells are assigned as point sources to the different vertical slices. The pumping amount of each well was divided between the different slices, proportionally to the perforation data. In
addition, for several wells, the data about the perforation were not available. These wells’ pumping amounts
were divided (20% each) between the middle slices (3–7). Since the thickness of the layers usually was kept
below 20 m, the vertical dislocation was small relative to the spatial catchment. Additionally, adding more
vertical layers to the model (and thus further diminishing the thickness of each layer) had no noticeable
effect on the wells.
The data on water ﬂow into the model and out of the model, the irrigation excess, and the CBZ concentration in the inﬁltrated efﬂuents were not extensive and were, therefore, completed by averaging the existing
data. In addition, the development of the CBZ concentration was assumed lacking historical data (see section 3.2). Fortunately, the in-ﬂow and out-ﬂow amounts as well as the irrigation excess are minor contributions to the water balance, and therefore, small deviations from the actual amounts are not expected to
change the results of the model. The CBZ concentration proﬁle is a more important parameter, but since
the main assumptions relate to the simulation period before 1990, and since the retention time in the Shafdan SAT area is at most 3 years, the effect on the results for year 2000 and further is assumed to be minor.
Most of the parameters imported to the model without further calibration were received from the Shafdan
SAT site. However, the soil parameters for the unsaturated zone were received for soil in the Rehovot area
(east of Yavne, see Figure 1), which is not necessarily identical to the soil of the SAT site. Since this research

Table 2. Measured CBZ Concentrations at Different Wells in the Vicinity of the Yavne-2 Basina
Ben Zakai 3a
Date
03/07/2011
11/22/2011
01/04/2012
05/01/2012
08/12/2013
a

RONA ET AL.

Yavne 211

Yavne 6a

CBZ (ng/L)

Date

CBZ (ng/L)

Date

CBZ (ng/L)

1021
1203
1250
1550
1549

02/28/2012
02/07/2013
08/12/2013

103
60
78

06/07/2007
06/23/2008
02/09/2009
10/14/2009
06/05/2012

0
0
0
0.05
6.5

The locations of the wells are shown in Figure 10.
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Figure 12. The boundary of the 10% efﬂuent water contour (as modeled with ADT) at the end of 2002 (thick line) and at the end of 2012. The blue lines denote the result for the longitudinal dispersivity of 50 m, and the red lines denote the result for the longitudinal dispersivity of 250 m (anisotropy of 10 at both cases). The location of the cross section is shown at the
map. The map also shows the pollution plume at the end of 2012.

is focused on the transport processes in the saturated zone, minor errors in the unsaturated water ﬂow
should have minor importance.
The chloride concentration is, however, a major epistemic uncertainty source, due to its signiﬁcant rise at
the south-eastern part of the model during the simulation period. Since this factor is one of the reasons for
introducing modeling with CBZ as a second tracer, this will be discussed further in section 5.2.
The major aleatory uncertainty factors are probably the analytical errors: for Cl2 9% and for CBZ 40% [Gasser
et al., 2010]. Another important aleatory factor is the ﬂuctuations of the tracer concentrations (Cl2 and CBZ)
in the inﬁltrated efﬂuents (Figures 4 and 5). The measured CBZ concentrations and chloride concentration
have standard deviations of 20% and 9%, respectively [Gasser et al., 2010]. Therefore, the ADT tracer was
introduced: it reproduces the behavior of a nonretarded tracer without the uncertainties of the background
and inﬁltrations (see section 3.4).
In spite of all the uncertainty sources, the model succeeded to reproduce measured hydraulic heads
(Figure 7) and tracer concentrations (Figure 9) in a satisfying way. This conﬁrms the assumption that the
uncertainty factors had a minor effect on the simulation results, at least in the vicinity of the percolation
basins. Thus, the model, calibrated with Cl2 and CBZ, can be considered to reproduce in reliable way the
development of the pollution plume, which originates from the inﬁltrated efﬂuents at the Shafdan SAT site.
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Figure 13. (top) Chloride concentration contours at the end of 2002 and (bottom) at the end of 2012. The location of the cross section is shown at the map. The map also shows the pollution plume at the end of 2012 (as denoted with ADT).

5.2. The Combined Calibration
Inorganic ions (i.e., Cl2 and Br2) are seemingly ideal tracers for localization of pollution plumes: they are
conservative, nonretarded, and easy to sample with high accuracy [Gasser et al., 2010]. Therefore, these ions
are often subjected to continuous monitoring, and seemingly, much modeling work has been done with
these tracers [Olofsson et al., 2006; Abbo and Gev, 2008; Ma et al., 2012]. Unfortunately, the inﬁltrated efﬂuents are not the only source for Cl2 in our model area. Figure 2 presents the intrusion of saltwater from the
east and south, which signiﬁcantly raised the background concentration of chloride at the eastern and
southern parts of the model. The consequence of this raised background concentration is a decrease in the
ability to locate the boundaries of the pollution plume (section 4.4). However, a more serious consequence
relates to the calibration of the dispersivity values: in order to compensate for the elevated chloride concentrations, the longitudinal dispersivity at the Yavne area would be set to 250 m, calibrated with Cl2 only (Figure 8h) while, at the same area, calibration with CBZ only, gave preference to longitudinal dispersivity of 50
m. The effect of the different dispersivity values is presented in Figure 12.
The reasons for combining CBZ and Cl2 instead of using CBZ as a single tracer are stated in section 1.3.
Therefore, only the combination of the tracers will be discussed. The use of more than one tracer to cali€deke et al., 2006; Ma
brate and interpret hydrological models is not new [Hess et al., 2002; Ptak el al., 2004; Go
et al., 2012]. But to our knowledge, this is the ﬁrst time two tracers simultaneously and quantitatively
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calibrated parameters of a hydrological model. Additionally, this is the ﬁrst time an organic anthropogenic
compound is successfully used as a tracer for calibrating a hydrological transport model. Hydrological transport models have been used extensively to study the transport of organic compounds in the aquifer. Here
we use the organic compound in order to calibrate the hydrological transport model in order to study the
transport of water bodies—the roles are switched.
The innovative nature of the combined calibration also brings some uncertainty. Instead of trying to ﬁnd
the best and most accurate way to combine the tracers at the error function (equations (7) and (8)), we present three principally different ways to do it (section 4.3). The arithmetic average (method 1 at section 4.3) is
the easiest way to combine the tracers, but should mainly be thought of as a reference point for the two
other combination methods. This method does not take the different characteristics of the tracers into consideration, and therefore, is probably not the best alternative.
The second method (error weighted combination) presents a principal statement: the tracer with a lower
error function (equation (7)) is preferable. This method should intuitively prefer the chloride as a tracer since
the greater amount of measurements usually results in a lower error function. It is not clear whether the
higher accuracy of CBZ at the periphery, which stems from the lower background concentration, is taken
into account here.
The third method takes the conclusion of Gasser et al. [2010] and applies it for the combined calibration:
the concentration range where CBZ has a higher precision is calibrated by CBZ, and the concentration
range where chloride is preferable is calibrated by chloride. This method might be improved if k could be
represented as a gradient between the two concentration ranges, and not as binary threshold parameter.
This is, however, not easy to do properly, and for the purpose of this article the method is presented in the
binary way.
Figure 8 presents the three methods of combination for the Soreq area (Figures 8a–8c) and for the Yavne
area (Figures 8e–8g). The ﬁrst noticeable feature is the range of the combined error function (equation (8))
for the different methods: the error weighted combination (Figures 8b and 8f) lowered the errors, while the
arithmetic average (Figures 8a and 8e) gave high errors. The two tracers also differed in the error range:
chloride gave generally a higher error than CBZ (Figures 8d and 8h).
More interesting is, however, the difference between the Soreq area and the Yavne area. At the Soreq area
(Figures 8a–8c), the three combination methods generated three similar graphs, with the same preferences
(longitudinal dispersivity of 100 m, anisotropy of 100).
At the Yavne area (Figures 8e–8g), the three combination methods resulted in three different graphs, which
should be analyzed together with graphs of the noncombined tracers, chloride, and CBZ (Figure 8h). As
mentioned above, the chloride intrusion (from the southern and eastern boundaries), which is signiﬁcant at
the Yavne area (see section 1.5 and Figure 2), results in a preference for large dispersivity values, when calibrating the transport model with chloride (Figure 8h). The result of the calibration with CBZ, which is not
inﬂuenced by this bias, is almost opposite: a clear preference to small dispersivity values. The three combination methods present three ways of combining these two tendencies: the arithmetic average combination (Figure 8e) provides a minimum more or less in the middle between the CBZ preferred and the
chloride preferred values (100–150 m). The error weighted combination (Figure 8f) shows a very slight preference to low values (with minimum at 50 m) and the concentration-weighted combination (Figure 8g)
clearly prefers low values, even though its minima (75 m) is higher than for the error weighted combination.
Since the reason for the ‘‘right-shift’’ of the dispersivity values was known to be a bias, the choice of the
lower dispersivity value 50 m as ‘‘the right value’’, became rather obvious.
The three combination methods should, however, also be discussed from a more general point of view. The
examples of Soreq and Yavne show that the choice of the most accurate combination method becomes
important only when there is a signiﬁcant difference in the behavior of the tracers. At Soreq (Figures 8a–
8d), where both tracers show similar behavior, all the three methods gave similar results. The different characteristics of the three methods are, therefore, deduced from the graphs at the Yavne area (Figures 8e–8g),
recalling that the purpose of the combination is to choose the most reliable tracer at each data point. The
error weighted combination, which has been used successfully to combine monitoring tracer data [Gasser
et al., 2014], fails to provide useful data for parameter calibration. The successful error ‘‘ﬁltration’’ results in
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low error data at all parameter values and complicates the optimization (Figures 8b and 8f). The arithmetic
average method appears to do the opposite of the error weighted combination: the high errors of each
tracer are ampliﬁed, and the resulting minimum is the value where no tracer has large errors. This does not
seem to be a proper way of parameter optimization either.
The concentration-weighted method is the only method that is speciﬁc for the tracers (CBZ and chloride). In
this study, it is also the only method that manages to choose tracer data in a way that enables parameter
optimization (Figures 8c and 8g). It seems logical, however, to conclude that, generally, a proper choice of
the tracer data should be based on the speciﬁc tracer characteristics in order to be relevant. This is the ‘‘coupling’’ between the tracers and the calibration of the model.
5.3. The Different Tracers in This Study
Because of the nature of the treated sewage water, the Shafdan SAT system requires minimum connection
between the two water bodies (i.e., the polluted water body below the percolation basins and the pristine
neighboring aquifer) and control over the ﬂow regime at the pollution plume under the percolation basins,
in order to prevent the inﬁltrated water from mixing with potable ground water, which is used as drinking
water (see sec. 1.2). The ability to model the exact extension of the pollution plume at different scenarios
makes the transport model a useful tool for the water management of these kinds of systems.
The cross-section concentration contour maps (Figures 11–13) show clearly the advantage of using ADT as
a tracer instead of chloride. The high background concentration of chloride does not enable the location of
the margins of the pollution plume. In addition, a model based on chloride will show dynamic changes,
which originate in additional sources. One example can be seen at the right side of Figure 13: the contour
changes origin from processes east of the pollution plume.
The use of ADT (after calibrating the relevant parameters with chloride) solves most of the above-stated
problems: it ﬁlters off the processes, which are not related to the water recharge and it enables a high resolution of the pollution plume location.
However, the high background concentration (or rather the low dynamic range) of chloride also lowers the
precision of the calibration. At the Soreq area (Figure 8d), the use of chloride as a tracer for dispersivity calibration provided higher errors than CBZ, and at the Yavne area (Figure 8h) the chloride intrusion simply
outruled the use of chloride for the calibration. Thus, a tracer with a high dynamic range (i.e., CBZ at this
study) is mandatory for an accurate ﬂow and transport model.
Gasser et al. [2010] did not show that CBZ is a more precise tracer than chloride. They showed that (at the
Shafdan SAT) the choice of a tracer depends on the conditions. For detecting small leakages, CBZ is preferable, but when the efﬂuents ratios are above 30% chloride is more precise. This is, of course, true for the
transport models as well. However, in this study, the combined use of the tracers served to calibrate the dispersivity. This parameter’s sensitivity is stronger at the periphery than at the center of the plume. This sensitivity difference creates a hierarchy between the tracers. CBZ becomes the tracer with higher inﬂuence on
the calibration than chloride. For the management of water bodies, the emphasis usually lies at the vicinity
of the boundaries, and this is the area where CBZ becomes important. The task of the chloride is, therefore,
to enable the creation and calibration of the CBZ transport model.

6. Summary and Conclusions
A hydrologic 3-D ﬂow and transport model was calibrated using chloride and CBZ as a combined calibration
tracer.
The purpose of the transport model is to use the concentration of the tracer as a measure for the quantitative ratio of the inﬁltrated sewage water, and accordingly, to predict the extension of the pollution plume
under different scenarios. Therefore, an artiﬁcial dilution tracer (ADT) was introduced as an additional model
feature. This (virtual) tracer has a constant concentration of 100 at the inﬁltrated efﬂuents and a background
concentration of 0. Thus, the ADT concentration at any point in the model is equal to the ratio of the inﬁltrated efﬂuents. Since the model results were veriﬁed with CBZ measurements and the calibrated transport
parameters of CBZ and Cl2 were adapted to ADT, the results of ADT are considered to be reliable. The
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combined calibration with Cl2 and CBZ and its application with ADT created a high-resolution transport
model, which qualiﬁes as a water management tool at sites where different water bodies have to be
separated.
The combined calibration, a pioneering methodology, which enabled the use of CBZ as a tracer was performed in three principally different ways, and the results were compared and discussed. It was shown that
chloride tends to prefer larger dispersivity (the calibration parameter) values than CBZ, and this was attributed to the additional sources of chloride, which create a ﬁctitious expansion of the pollution plume. The
analysis of the different combination ways showed preference to the concentration weighted method, and
it was concluded that the choice of the tracer data should be based on the speciﬁc tracer characteristics
and not on general considerations.
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